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Abstract. Global biodiversity loss is creating a more urgent need to understand the role organisms
play in ecosystem functioning and mechanisms of control. Decomposition of dead organic matter is a
key ecological process that ensures soil formation, nutrient availability, and carbon sequestration. To
gain understanding of how biodiversity and ecosystems function together to control leaf-litter decom-
position processes in a tropical rain forest (Yasun�ı National Park, Ecuador), we predicted the conse-
quences of the decomposition process using a protocol in which we systematically disassemble the
structural functionality of the soil macrofauna communities. We (1) describe the structure and function
of the edaphic communities in detail and (2) explore the functional consequences of structural changes
in these communities using a non-random exclusion experiment to simulate body size-related extinc-
tions. To do this, we manipulated access of five size classes of soil invertebrates to eight types of plant
leaf-litter resources. After measuring and identifying about 4400 soil individuals belonging to 541 mor-
phospecies, 12 functional groups, and following the fate of about 2000 tree leaves in a 50-ha plot, we
showed that (1) soil invertebrate communities were composed of a few common and many rare mor-
phospecies that included mostly leaf-litter transformer groups, with the most morphospecies and the
greatest abundance coming from Hymenoptera, Collembola, and Coleoptera; (2) our survey captured
63–74% of the total soil biodiversity of the study area (meaning there may be up to 860 morphospecies);
(3) litter transformers covered the widest range of body volume, and all groups were evenly distributed
at small and large spatial scales (i.e., we found no patterns of spatial aggregation); (4) changes in food
web structure significantly altered biomass loss for only three of the eight leaf-litter treatments, suggest-
ing the decomposition process was highly resistant to drastic changes such as size-biased biodiversity
loss independent of resource quality. We conclude organic matter decomposition may depend on all
non-additive effects that arise from multi-species interactions, including facilitation, interspecific
interference competition, and top-down control that predators exert over detritivores at all body size
ranges.
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INTRODUCTION

Biodiversity loss directly disrupts ecosystem
functioning, undermining ecosystem services and
ultimately affecting human well-being (D�ıaz et al.
2006, Cardinale et al. 2012). Biodiversity and
ecosystem functioning research (BEF) seeks to
determine how species diversity is related to the
magnitude and stability of ecosystem processes
(Griffin et al. 2009, Hooper et al. 2012). There is a
great deal of ecological debate about three tenets
of BEF, which are that biodiversity is likely to (1)
improve productivity (Cardinale et al. 2007, Hoo-
per et al. 2012), (2) increase ecosystem stability
(Tilman et al. 2006), and (3) enhance the magni-
tude of a variety of ecosystem processes (Hooper
et al. 2005, Balvanera et al. 2006, Wagg et al.
2014). However, the effects of changes in biodiver-
sity on ecosystem functioning may vary across
ecosystem types and study groups, and depend
on the trophic relationships involved (Huston
1997, Smith and Knapp 2003, Wardle et al. 2008,
Schmid et al. 2009). This has raised the question:
Does the relationship between biodiversity and
ecosystem functioning apply in the real world
(across trophic levels), outside of controlled exper-
iments? To answer this, new studies must look at
the entire food web within an ecosystem (Tyliana-
kis et al. 2008, Thompson et al. 2012). Future con-
servation strategies require an understanding of
the reciprocal nature of relationships between
food web structure and the functioning of a given
ecosystem (Thompson et al. 2012, Poisot et al.
2013).

Decomposition of dead organic matter (OM),
categorized as a supporting service in the Millen-
nium Ecosystem Assessment (2005), is a key
ecosystem function that ensures soil formation,
nutrient availability for plants, and carbon seques-
tration (Swift et al. 1979, Chapin et al. 2002). OM
processes are influenced by factors such as climate
(Wall et al. 2008, Powers et al. 2009), the physical
and chemical properties of dead OM (Kaspari
et al. 2008, H€attenschwiler et al. 2011), the
sequential action of soil invertebrates, fungi, and
bacteria (Ingham et al. 1985, Pramanik et al. 2001,
Mulder 2006), and the functional diversity of both
dead OM (e.g., plant litter) and soil consumers
(H€attenschwiler and Gasser 2005, Gessner et al.
2010, Dangles et al. 2012, Handa et al. 2014). A
significant part of BEF research has focused on

the role of invertebrate fauna (primarily detriti-
vores) on leaf-litter decomposition in both aquatic
and terrestrial habitats (Lavelle et al. 2006, Gess-
ner et al. 2010, Garc�ıa-Palacios et al. 2016). Detriti-
vore biodiversity has proven to be critical to the
biogeochemical and ecological functioning of ter-
restrial ecosystems, with consequences for fertil-
ity, plant growth, environmental structure, and
carbon storage (Brussaard 1998).
We know little about how loss of detritivore

biodiversity affects leaf-litter decomposition and
other ecosystem processes, particularly when spe-
cies in a focal community differ in key functional
attributes (Bardgett and Wardle 2010, Wall et al.
2010). There is ample evidence that soil communi-
ties are adapted to specific environmental condi-
tions and resource types; therefore, any changes
in either factor could negatively affect species
richness, with potential to severely impair ecosys-
tem functioning (Wall and Nielsen 2012, Lavelle
et al. 2016). A recent global review of experiments
that have explored the relationship between car-
bon cycling and soil biodiversity concluded that
although species richness, on average, led to bet-
ter ecosystem functioning—measured as greater
biomass, decomposition rates, and/or respiration,
especially in species-poor communities—the rela-
tionship was neither linear nor redundant (Niel-
sen et al. 2011). However, Handa et al. (2014)
conducted a first concerted set of experiments
across five terrestrial locations (from the subarctic
to the tropics), and found that functional biodiver-
sity loss of both soil fauna and litter types slowed
cycling of litter carbon and nitrogen. They suggest
that documented differences in the effects of bio-
diversity loss on decomposition across global spa-
tial scales may at least partly arise from variation
in experimental protocols, plant species, and
types of decomposers studied in a given experi-
ment. Moreover, in ecosystems with high natural
community evenness, stress or disturbances are
unlikely to impair all species’ contributions to an
ecosystem service, making these communities
more resistant and/or resilient to disturbances
(Andr�en et al. 1995). Communities with low even-
ness may lose dominant species due to stress or a
disturbance. Dominant species tend to play a sig-
nificant role in local ecosystem processes (the
mass ratio hypothesis states that ecosystem pro-
cesses are determined by the functional traits of
the dominant species; Grime 1998, Smith and
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Knapp 2003), and their loss impacts ecosystem
functioning (Dangles et al. 2004, Wall and Nielsen
2012). Understanding detritivore community
functional structure under natural settings will be
key to understanding relationships between bio-
diversity and ecosystem functioning in complex,
real-world systems.

C�ardenas and Dangles (2012) conducted an
experiment using mesh bags to exclude both
macro- and meso-detritivores from leaf litter, and
found about a 50% decline in leaf-litter decompo-
sition rates in an Ecuadorian cloud forest. Using
the similar methodology to exclude macro-
detritivores, Coq et al. (2010) found a 17.4%
decline in leaf-litter decomposition rates in
French Guiana and Yang and Chen (2009) found
a 40% decline in tropical China. Although macro-
and meso-detritivore fauna have been shown to
play a crucial role in fragmenting dead OM in the
tropics (Swift et al. 1979), studies that have manip-
ulated the effects of detritivore diversity loss on
leaf-litter decomposition in real field conditions
(e.g., non-random extinction scenarios; Gross and
Cardinale 2005) are still very scarce (Schmid et al.
2009). Furthermore, factors such as land use, nitro-
gen enrichment, acidification, and climate change
have been reported to alter soil and stream detriti-
vore diversity (Gessner et al. 2010).

Experiments that manipulate invertebrate
diversity in natural ecosystems are extremely
important for understanding the consequences of
potential extinctions on decomposition and
nutrient cycling. However, one specific problem
in soil biology, and particularly in the tropics, is
with how to deal with diverse and complex
groups such as soil fauna (Giller 1996)—espe-
cially in these megadiverse systems where most
species (>80% of all invertebrates of tropical for-
ests) have yet to be described by science and
almost nothing is known of the remainder’s ecol-
ogy (Primack and Corlett 2005, Wall et al. 2010).
Ecosystem processes are a product of multiple
biological and environmental variables (Petchey
et al. 1999), underscoring the need for more real-
istic experiments under natural conditions that
consider non-random loss of assemblages in local
extinctions (e.g., Zavaleta and Hulvey 2004,
O’Connor and Crowe 2005).

Community ecologists need tractable metrics
that can serve as surrogates of interaction
strength to better evaluate effects of biodiversity

loss on ecosystem stability and functioning. One
potential surrogate is body size (a proxy to body
mass and body volume). Body size is a key func-
tional trait of species that is correlated with many
life-history characteristics, and therefore, it is a
good surrogate for a large amount of the biologi-
cal information embedded within an ecological
network (Emmerson and Raffaelli 2004, Wood-
ward et al. 2005, Reiss et al. 2011). Body size
could reflect the mass-dependent metabolic
needs of an individual or a species community,
predicting the impact of a drastic change in natu-
ral abundance of either on a given ecosystem
functioning (Reiss et al. 2009). Size-dependent
consumption and processing rates appear to be
linked to energy flow (Dossena et al. 2012, Lang
et al. 2014) and may even compromise stability
of complex food webs (Otto et al. 2007). This is
extremely important given that larger species are
especially vulnerable to environmental perturba-
tions such as global warming and changes in
precipitation patterns (Salazar et al. 2007,
Smith et al. 2009, Sheridan and Bickford 2011),
habitat fragmentation (Klein 1989), or land use
(McCracken and Bignal 1998). Moreover, recent
research has shown that smaller species are not
simply miniature copies of larger ones (due in
part to mass-specific metabolic constraints, Reiss
et al. 2011), suggesting that a range of animal
size classes is needed to maintain ecosystem
functioning (Dangles et al. 2012). In addition, lar-
ger-bodied invertebrates can directly or indi-
rectly influence the diversity of smaller-sized
organisms by promoting dispersal and modify-
ing the soil habitat (Wardle 2006). For example,
fragmentation by large detritivores could facili-
tate the ingestion/colonization of OM particles
by smaller detritivores (including microflora;
Lavelle et al. 1997, Jonsson et al. 2002, Yang et al.
2012). Or, larger detritivores, due to their needs
to grow and higher mobility in the forest floor
(e.g., giant annelids or cockroaches), could mod-
ify the accessibility to phosphorous, which may
decrease locally and in the long term the biomass
of small invertebrates relative to the larger ones
(Mulder and Elser 2009). Finally, documenting
the differential contribution of faunal size classes
may help demonstrate how much redundancy
and specialization is actually found in soil detriti-
vore communities (Set€al€a et al. 2005, Bezemer
et al. 2010). Size-biased, non-random species loss
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therefore has important implications for the risk
of cascading secondary extinctions and the loss
of functional diversity from ecosystems (Sol�e and
Montoya 2002, Ebenman et al. 2004).

Using the megadiverse invertebrate soil com-
munities of Yasun�ı National Park (northwestern
Amazonia, Ecuador) as a model system, our
study aimed to answer two general questions: (1)
What is the overall structural and functional orga-
nization of soil invertebrate communities in terms
of taxa diversity, relative abundance, functional
traits (based on trophic guilds, and biovolume as
a proxy of biomass), and the diversity–area rela-
tionship? (2) How does non-random extinction
within the soil invertebrate food web affect the
leaf-litter decomposition process, and does such
an effect depend on resource quality? These ques-
tions arise from (1) the “mass ratio hypothesis”
that states that ecosystem processes are over-
whelmingly determined by the functional traits of
the dominant species. These dominant species
may contribute most of the biomass, which
actively controls fluxes of energy and matter
through the ecosystem (Grime 1998, Smith and
Knapp 2003). Therefore, we first need a detailed
assessment of the relationship between species
diversity, abundance, and body mass of the differ-
ent functional groups present in the soil fauna of
our study area—an elementary first step to under-
standing ecosystem functioning and the role and
impact of species in the food chain (Jonsson et al.
2005); (2) larger soil species in the Amazon are
more prone to extinction in the current climate
change conditions (Salazar et al. 2007, Smith et al.
2009, Sheridan and Bickford 2011).

Given how little is known about soil biodiver-
sity and functional diversity in Amazonian tropi-
cal ecosystems (Primack and Corlett 2005, Moreira
et al. 2008), we followed the following steps to
evaluate the realistic effect of biodiversity loss on
leaf-litter decomposition: (1) We describe the soil
invertebrate communities in detail, to understand
how they are organized and distributed at the tax-
onomic, functional (including body size classes),
and spatial levels; (2) we used a non-random
exclusion experiment in which we manipulated
the accessibility of five size classes of soil detriti-
vore to eight types of plant leaf-litter resources
(analogous to a removal experiment where we
tested the influence of the dominant species, as
explained by the mass ratio hypothesis; D�ıaz et al.

2003) to understand the potential implications of
detritivore fauna extinction on the leaf-litter
decomposition process in this ecosystem.
Here, we evaluate six hypotheses: (1) Amazo-

nian soil invertebrate fauna biodiversity is domi-
nated by the leaf-litter transformer (detritivore)
functional group (in number of species, abun-
dance, and biovolume); (2) leaf-litter transformer
species encompass the largest range of body vol-
ume found in the forest floor; (3) there are no pat-
terns of spatial aggregation, meaning that soil
functional diversity does not increase with
increased area based on the fact that most plant
species in Yasun�ı follow the negative density
dependence hypothesis (Metz et al. 2010), and
therefore, they show a “random” distribution
within our 50-ha plot (Valencia et al. 2004), which
should be reflected by a leaf-litter diversity (and
quality) homogeneity in this forest (C�ardenas
et al. 2014, not shown); (4) leaf litter exposed to
the smaller food web community may decompose
at significantly lower rates than that exposed to
larger soil fauna; (5) smaller species do not com-
pensate for the loss of the larger ones in terms of
leaf-litter transformation (there is a positive rela-
tionship between decomposition rates and detriti-
vore diversity), suggesting that some size classes
facilitate the effectiveness of others and that detri-
tivore extinction may disrupt the decomposition
process in this ecosystem; and (6) the effect of
non-random soil fauna extinction on leaf-litter
decomposition is independent of resource quality.

MATERIALS AND METHODS

Study site
Yasun�ı National Park (YNP) and the adjacent

Waorani Indigenous territory cover 1.6 million ha
of forest. Together they form the largest protected
area in Amazonian Ecuador (~17.7% of the
Ecuadorian Territory, Valencia et al. 2004) and
harbor the world’s most diverse tropical forest
(Bass et al. 2010). YNP is a wet evergreen lowland
forest ranging in altitude from 200 m to 300 m
above sea level. It has a 15- to 30-m canopy with
some emergent trees reaching 50 m (Valencia
et al. 2004). Rainfall and temperature are asea-
sonal; there are no clear patterns of dry/rainfall
and warm/cold seasons during the year. Over
53 months of records at the research station, the
longest rainless period was three weeks and the
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least rainy month was August. The mean annual
rainfall was 2826 mm, and no calendar months
averaged less than 100 mm (Valencia et al. 2004).
Over 742 days between 2008 and 2011, mean tem-
perature at the research station was 24.9°C � 3.9
(ranging from 22° to 32°C; min: 16.9°C; max:
38.9°C; warmest months: November–March; cold-
est months: April–October), and a mean humidity
was 88.4% � 13.9 (data obtained from Yasun�ı
Research Station meteorological station of the
Pontificia Universidad Cat�olica del Ecuador,
http://www.yasuni.ec). The study area was in the
vicinity of Yasun�ı Research Station in the 50 ha of
the Yasun�ı Forest Dynamics Plot (see http://
www.ctfs.si.edu/site/Yasuni for a detailed descrip-
tion of the area). Soils in the study area are mostly
clay-like, acidic, udult ultisols with an average pH
of 4.6 (John et al. 2007) and a texture dominated
by silt (Tuomisto et al. 2003).

Soil detritivore biodiversity survey
We sampled invertebrate communities within

the study area, including only those that may be
involved in the fragmentation of leaf-litter mate-
rial from the humic leaf-litter layers using two
well-known and complementary sampling meth-
ods: pitfall traps and Winkler extractions (see
Appendix S1). Our survey designs for both
methodologies were conceived to evaluate the
effect of the spatial area on soil food web struc-
ture and functionality. We are conscious that our
sampling methodology is not suitable for collect-
ing few important groups of invertebrates such
as earthworms or nematodes, which are not con-
sidered as litter shredders (except probably for
some omnivore nematodes) and are mainly col-
lected in the soil below the leaf-litter layer (see
Cares and Huang 2008 for nematodes soil sam-
pling and extraction).

For the pitfall traps, we set a nested rectangu-
lar grid of six different spatial scales across the
forest floor (smallest scale: 10 9 5 m; largest
scale: 1000 9 500 m; each scale doubled the
length and width of the previous). At each of
these scales, we sampled four plots (one in each
corner of each scale) for a total of 69 plots
(Appendix S1: Fig. S1a). Each plot consisted of at
least three pitfall traps (up to five in some cases),
which remained opened for 24 h. Pitfall traps
consisted of plastic cups that were 5 cm in diam-
eter and 10 cm deep and buried to soil level.

A total of 40 Winkler extractions (from 1 m2 of
soil leaf litter) were analyzed. Twenty samples,
each 10 m apart along a 200-m transect, were
analyzed using the ALL protocol (Ants of the
Leaf Litter, see Agosti and Alonso 2000 for
details). The remaining 20 were distributed along
10, 20-m transects that followed the diagonal of
the 1000 9 500 m plot. Each transect was set in
10, 100 9 50 m subplots where two samples, 5–
20 m apart, were extracted and analyzed
(Appendix S1: Fig. S1b).

Species identification and allocation to functional
groups
Specimens were examined under the stereo-

scope at 0.689–509 (Leica M275, Leica Microsys-
tems AG, Wetzlar, Germany). They were
counted and identified to the finest possible taxo-
nomic group using specialized literature (see
Appendix S2: Table S1 for a complete list of all
identified specimens). When a morphospecies was
recognized for the first time, lateral, dorsal, and
ventral images were taken using an adaptable dig-
ital camera (Future Optics Science and Technology,
1.3 MP, MEM1300 model, Hangzhou, China). This
image served for comparison for all subsequent,
similar specimens in the collection. Larvae of holo-
metabolous insects could not be associated with
any adult species, so they were classified into
different morphospecies. Nymphs of hemimetabo-
lous insects that differed structurally (but not
by color) from any adult morphospecies were
assumed to be new morphospecies. This level of
taxonomic resolution has been found to be suffi-
cient for detecting significant patterns of commu-
nity composition in temperate and tropical systems
(Timms et al. 2013, Lamarre et al. 2016). Moreover,
family-level identification has provided ecologi-
cally adequate surrogates for species in studies of
functional diversity (see also Cardoso et al. 2011
for both temperate and tropical systems). Length,
width, and depth were measured for up to 10 spec-
imens of the samemorphospecies to improve accu-
racy of morphometric dimensions. Finally, one or
more functional group categories were assigned to
each morphospecies based on the classification by
Moreira et al. (2008): herbivores, ecosystem engi-
neers (Jones et al. 1994, Lavelle et al. 1997, Boze
et al. 2012, Jones 2012), litter transformers, decom-
posers, predators, microregulators, and soil-borne
pests, diseases, and parasites (primary producers,
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microsymbionts, and prokaryotic transformer cate-
gories were not included in our collection target).
An extra functional group category, so-called
mesoregulators, was assigned to encompass the
mesofauna that regulates nutrient cycles through
grazing and other interactions with decomposer
microorganisms (analogous to microregulators,
but at larger scale). Feeding habits were deter-
mined using specialized literature and Internet
resources (e.g., Gillot 2005, Triplehorn and Jonson
2005, Brand~ao et al. 2011, http://soilbugs.massey.
ac.nz/index.php, http://www.collembola.org/).
Scolytines (Coleoptera) were considered ecosys-
tem engineers because of their hole-digging
behavior that physically changes the surrounding
environment and creates access for subsequent
decomposers (Muller et al. 2002). Although the
taxonomic order Acari represents an important
group in the soil food web, we were unable to dis-
criminate specimens at the morphospecies level
and accurately assign them to any of their many
potential functional groups. Appendix S3, how-
ever, shows independent analyses of the distribu-
tion of body size and body width in this rich and
complex group (Appendix S3: Fig. S1). Acari were
excluded from this and further analyses that
include morphospecies identity. We recognize
that the functional traits assigned in our study
may still be a simplistic representation of insect
ecological niches; however, we believe this is a
novel and realistic approach based on what is
known in the literature. Appendix S4 shows
examples of soil invertebrate morphospecies, sep-
arated by functional groups and body dimen-
sions that were found in both pitfall and Winkler
samples.

Leaf-litter collection
Leaves are the most important component of

litterfall in Amazonian forests (Chave et al.
2010). Most above-ground production comes
from angiosperm trees (Kurokawa and Nakashi-
zuka 2008). In a previous 11-month survey,
C�ardenas et al. (2014) found that forest floor was
mainly covered with leaf litter from 53 common
tree species belonging to 21 plant families (rare
species were not considered in that survey).
Based on this list, species and families chosen for
the present study aimed to represent a wide
range of intrinsic chemical traits (Appendix S5:
Table S1). Leaves were collected from adult and

sub-adult trees of eight common angiosperm
species belonging to eight different families:
Matisia malacocalyx (A. Robyns & S. Nilsson) W.S.
Alverson (Malvaceae), Inga capitata Desv. (Faba-
ceae), Nectandra viburnoides Meisn. (Lauraceae),
Miconia “purpono” [nomen nudum] (Melastom-
ataceae), Siparuna decipiens (Tul.) A. DC. (Mon-
imiaceae), Pseudolmedia laevis (Ruiz & Pav.) J.F.
Macbr (Moraceae), Neea “comun” [nomen
nudum] (Nyctaginaceae), and Leonia glycycarpa
Ruiz & Pav. (Violaceae). Leaves were collected by
shaking two to seven trees from the trunk or
branches 5–20 times. Leaves fell on white fabric
sheets (cotton, 1.5 m 9 3.5 m) that were tied
1 m above the forest floor. Leaves that were char-
acteristically young (presenting bright green or
reddish colors and/or soft lamina), too old (rotten
or presenting large amounts of necrosis), or pre-
sented evident fungal infection or insects gal-
leries were discarded. For the experiment, we
collected only senescent leaves with herbivore
damage covering less than 30% of the leaf area
(visually calculated in situ).

Soil fauna food web exclusion and decomposition
experiments
To assess whether a sub-group of species dis-

proportionately influences leaf-litter decomposi-
tion, we designed an exclusion experiment in
terra firme using 20 cm diameter plastic and
polyester fabric leaf litterbags. As a general rule,
metabolism depends on body size (Brown et al.
2004), so this experiment aimed to simulate
microcosms where the soil fauna that has access
to litter resources is filtered sequentially as a
function of body size. So, at one extreme, we
excluded everything except microfauna (e.g.,
micro-detritivores, predators, omnivores). At the
other extreme, we allowed all size groups of soil
fauna. This is also in line with paleontological
analyses showing that burrowing invertebrates
such as beetles, bees, spiders, wasps, ants, and
cicadas of the Paleocene–Eocene Thermal Maxi-
mum shrank in size by 50–75% (Smith et al.
2009). Salazar et al. (2007) analyzing future mod-
els of the Amazonian forest climate suggest that
temperatures rising (2–6°C through year 2100)
may induce larger evapotranspiration in tropical
regions. Over time, these ecological and other
factors may lead to evolutionary responses favor-
ing smaller individuals (Sheridan and Bickford
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2011). Microcosms were constructed by slightly
folding and sewing together top and bottom
meshes to form a bag. The resulting oval-shaped
litterbags prevented the litter from flattening,
and allowed it to retain a natural, three-
dimensional structure. Five different mesh sizes
that allowed the access/exit of different-sized
invertebrate groups were used (see Swift et al.
1979 for soil microflora and fauna size classifica-
tion): 268.8 mm2 (15.2 9 17.7 mm; micro-,
meso-, macro-, and megafauna), 118 mm2 (10 9

11.8 mm; micro-, meso-, and macrofauna),
16.1 mm2 (3.2 9 5.1 mm; micro-, meso-, and
macrofauna), 2.7 mm2 (1.1 9 2.5 mm; micro-
and mesofauna), and <0.01 mm2 (~0.1 9 0.1 mm;
microfauna). Our non-random experimental
design was conceived to ensure the accessibility
of all species of the smallest size class (those that
were dominant in terms of abundance) at all rich-
ness levels (microcosm treatments), emulating
what would be found in nature, where dominant
species are less likely to be lost from communi-
ties unless they are vulnerable to particular catas-
trophic events (Smith and Knapp 2003). This
experimental design also aimed to detect facilita-
tion in litterbags. Previous research has shown
that the design does not confound access with
“leakiness,” has quantified the assumption that
increasing mesh size leads to greater soil fauna
access, and has ruled out microclimate effects
across different mesh sizes (Milton and Kaspari
2007). Besides, Bokhorst and Wardle (2013), after
examining the microclimate effects of three lit-
terbags of different mesh sizes on litter mass loss
and leaching in the absence of soil animals, con-
cluded that studies can use different mesh sizes
to reliably quantify the role of soil animals in lit-
ter mass loss from litterbags. This methodology
may furthermore allow us to decouple diversity
effects—niche complementarity—from those of
sampling effect (Huston 1997), because we con-
sidered naturally uneven species abundance,
including those from dominant groups across the
trophic web (Smith and Knapp 2003).

Finally, we removed the peciolum of every leaf
and placed the leaves to dry at 40°C for 48–
72 hours in cotton fabric bags (containing no
more than 10 leaves per bag) and weighed to
0.001 g precision. The leaves were remoistened
using rainwater to make them pliant and were
enclosed in the litterbags.

The experiment consisted of testing the leaf
decomposition rate of the eight species over the
same period of time and area, but in different
litterbag types in an area covering about 4000 m2

of the forest floor in “ridge-slope”-type microhabi-
tat (see Valencia et al. 2004 for a detailed descrip-
tion of microhabitat designation). In total, we
analyzed the decomposition process of 8 (plant
species) 9 5 (mesh treatments) 9 10 (replica-
tions) 9 2–5 (leaves per bag, with the number of
leaves depending on leaf size), for a total of 400
leaf litterbags and up to 2000 leaves placed ran-
domly in the study area (Fig. 1). Each litterbag
was filled with 2.78 � 1.04 g of leaf-litter material,
excluding the petioles. The large difference in litter
mass added to the litterbags resulted from inter-
specific differences in leaf size (mean � SD:
108.6 cm2 � 50.3; min.: 55.6 cm2; max.: 195.3 cm2)
and leaf volume (leaf size 9 thickness; 1.84 cm3 �
0.8; min.: 0.8 cm3; max.: 3.1 cm3; data of specific
mean leaf size taken from Kraft and Ackerly
2010). We did not collect the largest leaves (e.g.,
from M. malacocalyx or N. viburnoides species), as
we wanted to avoid having litterbags with drama-
tically higher leaf-litter mass with a comparable
number of leaves (two to five). Litterbags were set
in groups of five treatments, each with a random-
ized set of species, in a 50 9 80 m grid-type plot
(see Appendix S6: Fig. S1 for details). Mesh bags
were collected for analyses after 104 days of
decomposition (mass loss of ~58% on average for
the same eight species after 103 days, see C�ardenas
2013). In the laboratory, leaves from each litterbag
were gently cleaned to remove soil particles,
adhering debris, and invertebrates; dried at 40°C
for 48–72 h; and weighed at 0.001 g precision.

Data analyses
Soil functional group cluster analysis.—Groups of

organisms in the soil food web overlap in terms of
feeding habits and body sizes, and therefore in
their functional role and extent of their impact on
soil ecological processes. A cluster analysis was
first performed to statistically classify the different
functional groups found in the forest floor. This
classification was used for all subsequent analyses
in our study. For this, we used morphospecies
body length, width, and depth, and 0-1 binary data
of the eight functional group categories. Twelve
groups of species were defined using Gower’s dis-
tance (minimum spanning tree) andWard’s linkage
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(minimum variance). We chose Gower’s distance
as it allows mixed-scale types of data (quantitative,
interval, nominal or ordinal, ratios, and/or missing
values) and has proven to consistently provide the
most reliable results and to minimize tree dissimi-
larity (Mouchet et al. 2008). Ward’s method was
chosen as it has been shown to produce more
clearly defined clusters than does average linkage
(Pla et al. 2012). Cluster analysis was performed
using InfoStat v.2012 software (InfoStat Group,
Córdoba, Argentina) with default program data
standardization (Di Rienzo et al. 2012).

Description of the structural and functional
organization of soil invertebrate communities.—Using
data from all samples combined, we first used

rank plots (Magurran 2004) to describe the com-
munity structure of Yasun�ı soil fauna in relation
to abundance (Appendix S2) at the levels of
Order and morphospecies. Morphospecies rank
plots were also used to compare, in detail, the
relative abundance of the different functional
groups of soil fauna that make up the inverte-
brate community. Additionally, following Pre-
ston’s (1948) boundaries of octaves as a measure
of the degree of commonness, we classified the
number of species per functional group in rela-
tion to its abundance in eight categorical ranges.
Finally, data were fitted to lognormal (equations
of the form y ¼ a� eð�0:5ðlnðx=bÞcÞ2Þ, where a is the
intersection with the y-axis and b and c are

Fig. 1. Experimental design of the leaf-litter decomposition test in a hypothetical extinction scenario where big-
ger invertebrates may be more (and first) susceptible to extinction as a consequence of current climate change.
Blue grids represent the five different mesh sizes used to gradually exclude the access of groups of invertebrates.
treat. = treatments; r = replicates; + refers to the additional accessibility of larger invertebrates to coarser meshes.
Leaves packed in plastic mesh bags were randomly distributed on the forest floor in an area that covered about
4000 m2, and let decompose for 104 d.
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parameters of the slope expression) and logarith-
mic (for mesoregulators only) distributions using
Table Curve 2D software v.5.01 (Systat Software
Inc., San José, California, USA).

Rarefaction “sample-based” accumulation
curves were used to compare the efficacy of differ-
ent sampling methods used in the same area (San-
ders 1968, Longino et al. 2002, Ellison et al. 2007)
and to assess whether pitfall traps and Winkler
extractions reached an asymptote for species rich-
ness and functional groups. For this, we used Past
v.3.07 software (Oslo, Norway; Hammer et al.
2001) that implements the analytical solution in
which standard errors are transformed in �95%
confidence intervals. This is known as “Mao tau”
following Colwell et al. (2004). Sample-based rar-
efaction curves implicitly reflect empirical levels
of within-species aggregation of individuals by
considering only incidence, providing a realistic
estimate of the number of species found in sets of
real-world samples (Gotelli and Colwell 2001). To
assess whether soil fauna diversity was aggre-
gated, we compared both individual- and sample-
based rarefaction curves by plotting them together
(Appendix S7: Fig. S1). Gotelli and Colwell (2001)
explain that when the sample-based curve lies
below the individual-based curve, one can assume
there is species aggregation. An estimation of the
total soil fauna biodiversity was evaluated using
Jackknife 1 and Jackknife 2 (employing incidence
data) and Chao 1 (employing abundance data)
species richness estimators (Gotelli and Colwell
2001, details in Appendix S7).

Biovolume distribution of the clusterized func-
tional groups was plotted to visualize the spread
of mass volume and body width in the soil food
web community. Finally, radar charts were plot-
ted to compare the potential accessibility of the
six functional groups of soil fauna to the five
types of microcosms (mesh bags T1–T5) in terms
of their accumulated biovolume and the relative
number of species.

Species–area relationship (soil fauna and leaf
litter).—We compared content of each collection
unit (pitfall traps and Winkler extraction sites) to
one another using similarity indexes and Euclidean
distances to evaluate whether there is a patchy or
uniform distribution of soil fauna within the com-
munities of functional groups. Sørensen’s similarity
coefficient was used for the species–area analysis
using binary presence–absence data. Further

analyses of similarity indexes for the total number
of collected morphospecies, their relative abun-
dance, biovolume, and functional groups identity
are detailed in Appendix S8. Analyses were per-
formed using Past v. 3.07 (Hammer et al. 2001).
Sørensen’s similarity coefficient was similarly

used to analyze the spatial heterogeneity in spe-
cies composition of the leaf litter from 28 com-
mon species found in the study area using data
from C�ardenas et al. (2014).
Mesh size-dependent litter decomposition.—Shapiro-

Wilk normality tests for the residuals of each
treatment showed normal distribution (with all
W’s > 0.96 and all P’s > 0.14) for four species:
I. capitata, L. glycycarpa, N. viburnoides, and S. de-
cipiens, and non-normal distribution (with all
W’s < 0.94 and all P’s < 0.015) for the remaining
four species: M. malacocalyx, M. “purpono,” N.
“comun,” and P. laevis. The percentage of mass
loss of the leaf-litter material of the eight plant
species in each of the five mesh-bag treatments
was compared using analysis of variance
(ANOVA, for those species presenting normal dis-
tributions of their residuals) and Kruskal–Wallis
tests (for those species presenting non-normal
distributions of their residuals). Significance of
the differences between treatments was assessed
using Tukey’s post hoc tests and Dunn’s z post
hoc, respectively. ANOVAs, Kruskal–Wallis, and
Shapiro-Wilk tests were performed using Past
v. 3.07 (Hammer et al. 2001).
In order to analyze the factors controlling

decomposition of the pool of our studied species,
the differences in the percentage of averaged leaf-
litter mass loss between the mesh treatments were
analyzed using a generalized linear model (GLM).
For this analysis, mesh sizes (mm) and chemical
traits of the different species were used as indepen-
dent variables. Prior to GLM, a principal compo-
nents analysis (PCA) of nutrient content of all
species (22 chemical traits, see Appendix S5 for
details) was performed in order to evaluate which
elements better explain the quality differences
between our resource treatments. A previous
study on these same plant species has shown that
condensed tannins, lignin:N ratio, andMn:Cu ratio
significantly explain OM decomposition (C�ardenas
et al. 2015); hence, we also included these traits in
the PCA and GLM. PCAwas performed using Past
v. 3.07 (Hammer et al. 2001), and GLM was ana-
lyzed using R (R Development Core Team 2015).

 ❖ www.esajournals.org 9 February 2017 ❖ Volume 8(2) ❖ Article e01692

C�ARDENAS ET AL.



To compare the effect of the five different mesh
size treatments on the decomposition process, we
calculated the weighted mean of the final:initial
ratio of leaf dry mass for the eight plant species.
We used the diagonal size of the grid holes for
each of the five meshes (mm) as the weight (w)
parameter. Because data elements with a high
weight contribute more to the weighted mean
than do elements with a low weight, we expected
the coarser mesh bags to contribute more to
decomposition. The averaged weighted means of
the eight species were compared to the arithmetic
means using a two-sample t-test with Past soft-
ware v. 2.17 (Hammer et al. 2001, Shapiro-Wilk
normality test: Wweighted = 0.912, Warithmetic =
0.869, P > 0.05 in both cases; details in
Appendix S9).

Body width is probably the most important
morphometric parameter that discriminates access
to the leaf-litter resource in each mesh litterbag
treatment (width:height average ratio � SD of
the litter transformer + omnivore communities =
1.28 � 0.89). We assessed the biovolume
(N 9 mm3) of litter transformer and omnivore
functional groups that potentially had access to the
different mesh treatments, and plotted along with
the leaf-litter mass loss of the pooled dataset as a

way to visually contrast the effect of larger biovol-
ume accessibility with resource decomposition.

RESULTS

Characterization of functional groups of soil
invertebrates
Cluster analysis discriminated six main func-

tional group classes in the soil food web (cophe-
netic correlation = 0.628). Some were mainly
related to dead plant resources (leaf litter and
wood), while others were related to fun-
gal resources: “litter transformers” (LT; mainly
collembolans, diplopods, blattids, ants, staphyly-
noids, and termites), “omnivores” (O; mainly
gryllids, thysanopterans, staphylynoids, isopods,
and ants), and “mesoregulators” (Me; mainly
Diptera larvae, mycetophylids, ptiliids, endomy-
chids, and staphylinids). Others were predators
or parasites: “predators” (P; mainly ants, arach-
nids, phorids, and chilopods), “soil-borne pests,
diseases, and parasites” (Pd; mainly mymarids,
sapygids, scelionids, braconids, and trychogram-
matids), and “herbivores” (H; mainly cicadellids,
orthopterous, and curculionids). These six
groups were divided into 12 sub-categories
(Table 1, Fig. 2). Of these, the most speciose and

Table 1. Functional group (FG) categories (Category 1) and sub-categories (Category 2) showing the total num-
ber of species (S), abundance (N), and biovolume (B; N 9 mm3; calculated from averaged volume per species).

Category 1 FG Category 2 S N B

Litter transformers LT1 48 127 75,322.9
LT2 Ecosystem engineers and mesoregulators 57 294 7798.3
LT3 Microregulators 57 347 155.2
Total 162 768 83,276.4

Omnivores O1 +mesoregulators 26 128 892.7
O2 + predators 85 398 4795.4
Total 111 526 5688.1

Mesoregulators Me 38 145 339.9
Total 38 145 339.9

Herbivores H1-Pd1 Soil-borne pests, diseases, and parasites 24 58 310.4
H2 32 95 4340
Total 56 153 4650.4

Predators P1 Ants 30 161 1743
P2-Pd2 Soil-borne pests, diseases, and parasites 26 79 36.3

P3 64 250 1308.3
Total 120 490 3087.6

Soil-borne pests, diseases,
and parasites

Pd3 29 68 27.9
Total 29 68 27.9
Total 516 2150 97,070.3

Notes: Omnivores (O1 and O2) correspond to herbivores and/or litter transformers, including guilds in Category 2. Acari are
not considered in this analysis.
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abundant were “omnivores + predators” (O2),
represented by 85 morphospecies (16.5% from
the total collected) and 398 individuals (18.5%
from the total collected). The next most speciose
were the “general predators” (P3), with 64 mor-
phospecies (12.4%) and 250 individuals (11.6%),
followed by “litter transformers, ecosystem engi-
neers, and mesoregulators” (LT2) and “litter
transformers and microregulators” (LT3), with
57 morphospecies in each group (11%) and 294
(13.7%) and 347 (16.1%) individuals, respectively
(Table 1). The group “general litter transformers”
(LT1) had the higher total biovolume with
75,322.9 mm3 (77.6%), followed by “litter trans-
formers, ecosystem engineers, and mesoregula-
tors” (LT2) with 7798.3 mm3 (8%; Table 1).

Soil invertebrate community structure
A total of 541 morphospecies were collected

in our survey. In the soil fauna community,
hymenopterans (predominantly ants; 1117 indi-
viduals), collembolans (mostly Hypogastruridae/
Neanuridae, and Entomobryidae; 1101 individu-
als), and coleopterans (largely characterized by
Staphylininae subfamily and other Curculionidae;
1083 individuals) were the most abundant groups.
Chordeumids (Myriapoda), peripatids (Ony-
chophora), lumbricids (Annelida), and scorpions

(Scorpiones) were the less-abundant groups
(Fig. 3a; Appendix S2: Table S1). We have not
found any specimen of nematode, confirming
our sampling methodology is not suitable for
collecting this important group of invertebrates.
The morphospecies rank–abundance (SRA) plot
showed the classic distribution of natural (pris-
tine) environments: very few common species,
some moderately common, and a great majority
rare (Fig. 3b). This was also evident when plotting
rank–abundance of the six functional groups sep-
arately. Data were fitted to lognormal equations,
all with P < 0.0001 and all R2 > 0.93 (Fig. 4).
Finally, when SRAs were plotted into a Preston’s
log2 scale, data were adjusted to lognormal and
logarithmic (for Me only) equations (PH = 0.034;
PP = 0.062; PLT = 0.160; PO = 0.037; PMe = 0.087;
PPd = 0.018; with all R2’s > 0.83; Fig. 5).

Sampling efficiency
Neither the pitfall trap nor Winkler extraction

methodologies collected a sufficient number of
species for rarefaction curves to reach an asymp-
tote (Fig. 6a). Overall, Winkler collections were
significantly more efficient—they captured more
species per sample over a smaller area than did
pitfall traps. The rarefaction curves and 95% con-
fidence intervals for the two sampling methods

Fig. 2. Cluster analysis showing functional grouping of soil fauna communities. The Ward clustering method
with Gower distance was used. Group abbreviations: litter transformers (LT), omnivores (O), predators (P),
mesoregulators (Me), herbivores (H), and soil-borne pests, diseases, and parasites (Pd).
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still did not overlap at the minimum of 40 sam-
ples where the two methodologies are compara-
ble. The pitfall and Winkler methods captured
complementary invertebrate species sets. Five
morphospecies were highly abundant in pitfall
traps: Hypogastruridae/Neanuridae sp. 4, Cam-
ponotus sp. 1, Scolytinae sp. 1, Entomobryidae
sp. 5, and Staphylininae sp. 1. A different set of
morphospecies were highly abundant in Winkler
extractions: Solenopsis sp. 1, Strumigenys sp. 2, Iso-
ptera sp. 3, Pseudoscorpionida sp. 1, and Hypopon-
era sp. 1 (results not shown). Both methodologies
needed relatively few samples (~15) to character-
ize the total number of functional groups (results
not shown). When considering Winkler and pitfall
collections together, the species accumulation

curve still did not reach an asymptote (Fig. 6b).
Analyses of the potential total invertebrate biodi-
versity associated with soil estimated a range of
730–858 morphospecies (details in Appendix S7).

Soil invertebrate spatial heterogeneity
The Sørensen similarity index showed that

species identity in the soil food web was
heterogeneous at all spatial scales. In a range
between 0 and 1, where 1 means full similarity,
all functional groups showed values <0.165
(mean � SD): herbivores (H): 0.065 � 0.18;
predators (P): 0.057 � 0.15; litter transformers
(LT): 0.163 � 0.16; Os: 0.135 � 0.17; mesoregu-
lators (Me): 0.111 � 0.20; Pds: 0.04 � 0.14
(Fig. 7). Fig. 7 shows that approximately the
same levels of heterogeneity were found in small
and large sampling areas, especially for litter
transformers and omnivores. In Appendix S8,
where we considered the full dataset, similarity
indexes were plotted and analyzed using four
different components of biodiversity: morphos-
pecies identity, abundance, functional group allo-
cation, and biovolume. Results showed that the
soil food web was heterogeneous for all the com-
ponents as well.
Finally, comparisons of sample- and individual-

based rarefaction curves of both pitfall traps and
Winkler extractions showed that species in the

Fig. 3. Rank–abundance plots of the complete soil
fauna survey showing (a) the relative distribution of
the number of species for major soil animal groups
and (b) the variation in the relative abundance of soil
animal species ordered from most to least abundant.
For detailed information on Acari morphometrics
frequencies description, refer to Appendix S3.

Fig. 4. Species rank–abundance curves of the six soil
fauna functional groups as obtained from the Cluster
analysis. All data were fitted to lognormal equations
of the form y ¼ a� eð�0:5ðlnðx=bÞcÞ2Þ, where all P < 0.0001
and all R2 > 0.93.
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forest appeared to be aggregated at small sam-
pling spatial scales, although this pattern did not
persist at larger sampling scales (Appendix S7:
Fig. S1).

Accessibility to mesh-bag treatments by the soil
fauna community

Mass volume data showed a marked size distri-
bution of different functional groups: The Pests,
diseases and parasites (Pd), and predators (P)
classes were frequently small-/medium-sized, the
mesoregulators (Me) class was medium-sized, the
herbivores (H) classes were medium-/large-sized,
and litter transformers (LT) classes covered the
whole size spectrum (Fig. 8). LT1 (general litter

transformers) and LT2 (litter transformers, ecosys-
tem engineers, and mesoregulators) were the big-
gest classes in terms of volumetric mass, with an
average of 569.9 mm3 and 101.8 mm3, respec-
tively (results not shown). We found that for all
functional communities, the great majority of
individuals were “thin,” or fit within the 1/15 of
the total body width ranges (Fig. 9).
Different classes of litter transformers and

omnivores biovolume had different access to
OM resources through the five mesh treatments
(Fig. 10; Appendices S10 and S11), except that
the coarse meshes (T4 and T5) were accessible to
virtually the same litter transformers and omni-
vores communities (Table 2). T1 accessibility was

Fig. 5. Preston’s plots of the number of species per log2 abundance ranges for each functional group. Log2 ser-
ies followed Preston (1948) ranges: 20 (1–2), 21 (2–4), 22 (4–8), 23 (8–16), 24 (16–32), 25 (32–64). All data were fitted
to lognormal equations of the form y ¼ a� eð�0:5ðlnðx=bÞcÞ2Þ, except for mesoregulators functional group that was fit-
ted to a simple logarithmic equation of the form y = a + blnx (simple lines in all cases). R2, P, and F values corre-
spond to the regressions fit to the curves. (a) represent herbivores; (b) predators; (c) litter transformers; (d)
omnivores; (e) mesoregulators; (f) pests, diseases and parasites.
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2.2% of the species and 6% of the abundance of
total litter transformers and omnivores, repre-
sented by LT3 (litter transformers and microreg-
ulators) and O1 (omnivores and mesoregulators)
classes (mostly collembolans, Table 2). T2–T5
were accessible to both functional groups and by
>86% of species and >93% of specimens (see
Table 2 for details).

Leaf-litter mass loss across treatments
There was no difference between the five mesh-

bag treatments in the percentage of mass loss in
the leaf-litter material of the eight plant species
(for I. capitata, N. viburnoides, and S. decipiens, all
P values >0.05 and effect size x2 ≤ 0.15), except
for M. “purpono,” M. malacocalyx, and L. glycy-
carpa; Fig. 11). For M. “purpono,” T4 differed sig-
nificantly from T1 and T2, and T5 differed
significantly from T1 (Dunn’s P of the Kruskal–
Wallis analysis for these treatments <0.029). For
M. malacocalyx, T5 differed significantly from T2
(Dunn’s P of the Kruskal–Wallis analysis for these
treatments = 0.003). For L. glycycarpa, T5 and T3
differed significantly from T1 and T2 (Tukey’s P of
the one-way ANOVA for these treatments <0.031;
effect size x2 of this test = 0.39). There was one
significant difference between mesh treatments
when the averaged pooled dataset was analyzed

(Appendix S11). We found that mass loss was lar-
ger in the coarser mesh treatment T5 compared
with the finer ones T1 and T2 (Dunn’s
zT1vs.T5 = 2.57, P = 0.010; Dunn’s zT2vs.T5 = 2.61,
P = 0.001; Appendix S11: Fig. S1). This is in line
with GLM results that show a general positive
and significant effect of mesh size treatments over
leaf-litter decomposition (Table 4). Finally, t-test
comparisons of weighted and arithmetic means
for the eight species showed no significant differ-
ences (P = 0.853; Appendix S9).
Principal components analysis of 22 nutrient

contents has shown that Ca, K, Mg, and S were
the factors explaining most of the variance
among species (PC1 = 69.57%; PC2 = 24.93%). In
respect of the role of leaf-litter nutrient contents,
we found that Ca, K, and S present a positive
and significant effect over decomposition
(Table 3). Mg and the Mn:Cu ratio present barely
significant relationships, negative and positive,
respectively, with decomposition. When analyz-
ing nutrient contents interactions with the lit-
terbag mesh sizes, we found that Mg, S, and
condensed tannins are significant and negatively
related to decomposition. Although not signifi-
cant, lignin:N ratio alone surprisingly showed a
positive relationship with decomposition and
a positive and significative relationship when

Fig. 6. Rarefaction curves (sample-based; bold lines) showing Winkler extraction and pitfall traps of the com-
plete soil fauna collections in relation to the number of species. Vertical gray line in (a) indicates the number of
samples where both methodologies are comparable. Smooth dashed and full lines correspond to �95% confi-
dence intervals. Considering Winkler + pitfall collections (b), analyses of the potential total biodiversity estimate
a range of 730–858 morphospecies (details in Appendix S7).
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considering the interaction with the mesh size
(Table 3).

DISCUSSION

The soil invertebrate community
Soil organisms are essential for terrestrial

ecosystems to function (e.g., nutrient cycling, soil
formation, soil aeration). However, the functional
role and importance of species diversity in tropi-
cal soils are yet to be discovered (Wall et al. 2010).
Our results showed a predominant abundance of
hymenopterans (mainly ants), collembolans, and
coleopterans (mostly bark beetles and weevils).
These three groups are heterogeneous in terms of
feeding habits and may occupy a wide range of
niches in the forest food web.

Ants represent one of the most diverse and
ecologically dominant animal groups and are
extremely important in terms of biomass and rel-
ative local abundance (Wilson and H€olldobler
2005). Nutritional biology of ants can be wide
ranging—they can be predators, leaf cutters, fun-
gus growers, sap feeders, pollinivorous, sapro-
phytes, and generalists (Brand~ao et al. 2011).
Recent studies suggest that niche diversity drives
ant specialization and supports high species
diversity in the Neotropics (Vasconcelos and
Vilhena 2006, Ryder Wilkie et al. 2010).
Compared to ants, collembolans belong to

less diverse niches that include saprophagic,
fungivores, including some spore feeders; phy-
tophages, including pollen feeders; and very
rarely predators (Gillot 2005). However, they are

Fig. 7. Plots showing the effect of the geographical distance on the similarity of the species composition of six
functional groups: (a) herbivores, (b) predators, (c) litter transformers, (d) omnivores, (e) mesoregulators, and
(f) pests, diseases, and parasites, between Winkler extraction sites (empty gray circles) and pitfall traps (empty
black circles). A value of 1 on the y-axis means full similarity.
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also among the most globally abundant terres-
trial arthropods, and despite their relatively low
individual biomass, together they have a dra-
matic influence on soil structure (Hopkin 1997).
They primarily contribute to regulation of fungal
populations and enhancement of mycorrhizal
function, improving plant growth (Hopkin 1997,
Gange 2000).

Bark beetles live beneath the bark of trees typi-
cally constructing tunnels, facilitating fungal col-
onization in decaying wood (Muller et al. 2002),
subsequent bacterial access (de Boer et al. 2005),
and further OM decomposition. Weevils, on the
other hand, are mostly phytophagous—both
above- and belowground (i.e., leaves and roots)
—and their diet may also include seeds and fresh
and decaying fruits (Triplehorn and Jonson
2005).

These three abundant groups belong to the
meso- and macrofauna classification of Swift et al.
(1979). They fragment (ecosystem engineering)
and ingest litter coated with microbial biomass,
and produce large amounts of fecal material,
which is more favorable for decomposition
(Hopkin 1997, Lavelle et al. 1997). Our results
agree with our first and second hypotheses—litter
transformers were the most representative in

terms of number of species, abundance, and bio-
volume, and had the largest range of body vol-
ume found in the forest floor.

Structure and distribution of soil invertebrate
communities
Neither Winkler nor pitfall collections reached

an asymptote, and both methods were sufficient
to characterize all functional groups with a rela-
tively low sampling effort. The number of species
per sample unit (the methods’ efficiency) differed
between the two methods, and the composition
of species collected using each method was
complementary. Using both methodologies
together, the species accumulation curve still did
not reach an asymptote (Stotal = 541 morphos-
pecies; Appendix S7: Fig. S1). Estimates of diver-
sity based on Jackknife 1 and Jackknife 2 (using
incidence data) and Chao 1 (using abundance
data) showed that our samples may have covered
63.1–74.1% of the total soil biodiversity in the
study area (Appendix S7). A more complete sam-
pling effort (e.g., see Krell et al. 2005) is therefore
necessary to reveal total soil food web biodiversity
richness in Yasun�ı. The 26–37% of the soil fauna
that was not collected likely includes mostly rare
species that may have a minimal impact on forest
ecosystem functioning because of low abundance,
low accumulated biomass, or both (Grime 1998,
Smith and Knapp 2003, Mokany et al. 2008).
Although the two collection methodologies used
in our study are not directly comparable, Winkler
extraction seemed to be more efficient, capturing
more species over a smaller area. This is in con-
trast with other tropical studies that found pitfall
traps were more efficient in terms of abundance of
the most representative taxa (e.g., Sabu and Shiju
2010). Our complementary species identity results
may be explained by the particularities of the two
methodologies. Pitfall traps target invertebrate
taxa that are active nocturnally on the soil surface.
Winkler extractions capture leaf-litter-inhabiting
and fast, mobile invertebrates—particularly ants
and beetles (Agosti and Alonso 2000, Moreira
et al. 2008, Sabu and Shiju 2010).
A rapid assessment of functional groups intu-

itively suggests that the western Amazonian for-
est floor is carpeted with all kinds of taxa that
represent a wide range of behaviors, strategies,
and feeding habits, thereby suggesting high
redundancy per unit of area. In this context,

Fig. 8. Box plot showing the distribution of the bio-
volume of the six categories of functional groups. The
black line inside the boxes represents the median, and
empty circles are outliers.
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aggregation tests (similarity and distance
indexes, and individual/sample rarefaction plots)
showed consistent heterogeneity of soil fauna at
all levels (species, abundance, functionality, and
biovolume), especially at larger scales. This rein-
forces the idea that taxa and functionality are
redundant at all spatial scales, agreeing with our
third hypothesis that there is no spatial aggrega-
tion. This pattern persisted when only the litter
transformer community was considered (results
not shown).

The relationship between species and func-
tional diversity remains poorly understood for
most of the world’s ecosystems (Micheli and Hal-
pern 2005). Some studies, however, have shown
low levels of redundancy in other highly diverse
(aquatic) environments (Bellwood et al. 2003).
Others have shown high functional redundancy,
but low functional diversity (Strauß et al. 2010),

which has direct implications for how biodiver-
sity loss might impact the resilience of ecosys-
tems (Peterson et al. 1998, Reich et al. 2012).
Finally, we do not yet know whether redundancy
in the Yasun�ı tropical forest can only be predicted
at small temporal and spatial scales, as stable
coexistence might be incompatible with func-
tional redundancy (Loreau 2004).

Soil invertebrate functional groups
Though we found a wide range of body sizes

both within and between functional groups that
had overlapping feeding habits, cluster analysis
showed cophenetic correlation. This means that
the results of the cluster analysis were a reasonable
representation of pairwise differences between
functional groups. We hypothesized (hypothesis
2) that leaf-litter transformer species would
encompass the largest range of body volume

Fig. 9. Frequency distributions of the maximum body width of the soil fauna functional groups. In all cases,
data correspond to the averages of width of the morphospecies. (a) represent herbivores; (b) predators; (c) litter
transformers; (d) omnivores; (e) mesoregulators; (f) pests, diseases and parasites.

 ❖ www.esajournals.org 17 February 2017 ❖ Volume 8(2) ❖ Article e01692

C�ARDENAS ET AL.



found in the forest floor—and this is exactly
what we found in our samples.
It was noteworthy that collembolans (included

in the litter transformers and microregulators
group, LT3) were statistically distant within the
dendrogram in relation to the other litter trans-
former groups (general litter transformers and
litter transformers, ecosystem engineers, and
mesoregulators, LT1 and LT2, respectively). The
biological interpretation could be that their
ecological role and potential impact (relative to
their feeding habits and biovolume) are well
defined in the food web. Microarthropods such
as collembolans can reasonably be generalized as
predominately fungal feeders (mycophages;
Seastedt 1984). Collembolans fragment organic
matter such as leaf litter while feeding on the
adhering microflora, thereby increasing leaf-litter
decomposition rates by an average of 23% (based
on numerous studies, Seastedt 1984). The
remaining litter transformer groups were more
compactly distributed in the tree and were clo-
sely related to other functional groups, such as
omnivores and mesoregulators (e.g., LT1 and
LT2 related to O1 and Me). This might be
explained by overlapping feeding habits and the
body size range of litter transformers (Fig. 8).
Predatory ants and general predators (P1 and

P3) were all grouped together in a separate
branch of the tree, illustrating their unique eco-
logical position in the soil food web. More
importantly, the cluster analysis kept ants (P1)
separated from other predators (e.g., arach-
nids), highlighting the physiological and mor-
phological characteristics that might delineate
the unique role and position of ants in this
ecosystem (Philpott et al. 2010, Brand~ao et al.
2011).
The omnivore groups (omnivores and mesoreg-

ulators, and omnivores and predators, O1 and
O2, respectively) were evenly distributed across
the branches of the tree related to consumers of
the leaf-litter resources, wood and fungi.
Pest–diseases–herbivores–predators–parasites

(Pd1 and Pd2, separated by their body size,
Table 1) were all clustered at the base of the den-
drogram (Fig. 2; closely related to herbivores H2
and other predators [P1 and P3]), which can be

Fig. 10. Radar charts showing the potential accessi-
bility of the soil fauna belonging to the six functional
groups to the five types of mesh bags (T1–T5) in
terms of (a) accumulated biovolume and (b) the
relative number of species. Values on (a) column
are the number of individuals per species multiplied
by its averaged volume (N 9 mm3), and except for
T1, they are log10-transformed for easier reading
and interpretation. Values in (b) column are total
number of species. Diagonal size of the mesh treat-
ments: T1 = 0.14 mm; T2 = 2.73 mm; T3 = 6.02 mm;
T4 = 15.47 mm; T5 = 23.33 mm.
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explained by their overlapping feeding habits
and body dimensions.

Body mass distribution in the Yasun�ı soil food web
Our mass volume species rank fitted signifi-

cantly to a lognormal distribution, revealing that
the size structure of species within the soil com-
munity included a few large species and many

small ones (Appendix S10: Fig. S1). Moreover,
mass volume and body width abundance fre-
quency distributions were slightly left-skewed
and bell-shaped (and only the maximum body
width was normally distributed; Appendix S10:
Fig. S1). Peak species richness, therefore,
occurred at the intermediate body size that led to
the maximum number of individuals, consistent

Table 2. Details of the total accumulated biovolume (B; N 9 mm3), species number (S), abundance (N), litter
transformer and omnivore functional groups (FG), and representative groups that could be involved in the
decomposition process of leaf-litter resources within the five different mesh-bag treatments.

Variables

T1 T2 T3 T4 T5
(~0.1 9 0.1 mm)
(d = 0.14 mm)

(1.1 9 2.5 mm)
(d = 2.73 mm)

(3.2 9 5.1 mm)
(d = 6.02 mm)

(10 9 11.8 mm)
(d = 15.47 mm)

(15.2 9 17.7 mm)
(d = 23.33 mm)

B 0.001% 3.9% 12.1% 74.4% “100%”
S 6 237 261 274 274
N 6.0% 93.4% 98.2% 99.8% “100%”
FG LT3, O1 All All All All
Representative
groups

Mostly
collembolans

+ isopterans, staphylinoids,
and smaller isopods

+ larger isopods
and gryllids

+ large blattids
and diplopods

+ larger blattids
and diplopods

Note: d = diagonal size of grid holes; + = additional litter transformer groups.

Fig. 11. Percentage of mass loss of the leaf-litter material of the eight plant species in relation to the five mesh-
bag treatments. Tukey’s and Dunn’s post hoc (ANOVA and Kruskal–Wallis tests, respectively) mean difference
significances are denoted using a, b, and c nomenclature. �xw denote weighted means of the final:initial biomass
ratio per species (see Appendix S9 for details). Error bars represent standard deviations. Diagonal size of the
mesh treatments: T1 = 0.14 mm; T2 = 2.73 mm; T3 = 6.02 mm; T4 = 15.47 mm; T5 = 23.33 mm.
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with the results of other large-scale sampling
efforts (e.g., Siemann et al. 1999, Jonsson et al.
2005). In an ecological food web context, Cohen
et al. (1993) suggested that the “cascade model”
can describe a lognormal distribution of body
sizes of different animal species. The cascade
model is a food web model that assumes hierar-
chical feeding along a single niche axis, with each
species allocated a probability of feeding on taxa
below it on the hierarchy (Cohen et al. 1993,
Thompson et al. 2012). This lies in the fact that
every species has an equal chance of being repre-
sented in a random sample of links (as predator
or prey). Because animal predators generally
consume animal prey smaller than themselves,
body size can be assumed to be a natural order
in the cascade model, at least for animal species.
This model is likely to fit in the Amazonian soil
food webs considering that predators like ants,
which are extremely diverse and represent a sig-
nificant amount of living biomass in these forests
floor, might exert a significant impact on the
detritivore communities and hence on the frag-
mentation and posterior decomposition of OM
(Milton and Kaspari 2007, Kaspari et al. 2011,
but cf. Mancinelli and Mulder 2015 for a hypoth-
esis suggesting that microbes may disrupt
trophic cascades in the brown food webs around
the world). With this interpretation, the cascade

model provides a convenient tool to analyze the
consequences of ordering trophic relationships
by body size. To summarize, smaller predators
eat smaller prey and larger predators consume a
wider range of prey sizes (Cohen et al. 1993,
Woodward et al. 2005). This may help under-
stand the role of food web structure in the soil of
our study area, where a size-structured food web
is likely to contain small and abundant species
that operate more locally than larger and less-
abundant species (Mulder et al. 2005; discussed
in the Exclusion experiment below).
Recent studies have suggested that diet breadth

and foraging behavior of individual species are
determined by who eats whom in a community,
which in turn is determined by the physical con-
straints imposed by body mass (Jonsson et al.
2005, Loeuille and Loreau 2005). More impor-
tantly, it is now well accepted that community
stability is critically dependent on body mass
distribution within food webs, especially the
distribution of predator:prey body mass ratios
(Emmerson and Raffaelli 2004, Loeuille and
Loreau 2005). Brose et al. (2006a) found that the
average log10 body mass ratios of terrestrial inver-
tebrate predators in temperate ecosystems were
among the smallest (a value of 0.6) when com-
pared to terrestrial ectotherm and endotherm ver-
tebrates (values of 2.08 and 2.91, respectively).

Table 3. Results of the generalized linear model (GLM) analysis of the leaf-litter decomposition of eight plant
species as a function of (A) litterbag mesh sizes, seven leaf plant traits (Ca, K, Mg, S, condensed tannins, Mn:
Cu ratio, and lignin:N ratio), and (B) their interactions.

Effect Estimate SE t P

(A)
Mesh size 0.188 0.064 2.935 0.006
Ca 0.002 0.0002 8.167 <0.001
K 0.001 0.001 2.500 0.018
Mg �0.001 0.001 �1.988 0.056
S 0.012 0.003 4.097 <0.001
CT �1.937 2.969 �0.652 0.519
Mn:Cu 0.040 0.022 1.839 0.075
Lignin:N 0.457 1.050 0.436 0.667
(B)
Mesh size 9 Ca �3.453e-05 1.724e-05 �2.003 0.057
Mesh size 9 K 6.567e-05 3.928e-05 1.672 0.108
Mesh size 9 Mg �1.165e-04 5.574e-05 �2.090 0.047
Mesh size 9 S �9.792e-04 2.161e-04 �4.531 <0.001
Mesh size 9 CT �1.302 0.227 �5.729 <0.001
Mesh size 9 Mn:Cu 6.229e-03 1.672e-03 3.725 0.001
Mesh size 9 lignin:N 0.366 0.080 4.553 <0.001

Notes: CT, condensed tannins. In boldface, all significant effects when P ≤ 0.05.
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Our data showed that the combined biovolume
of Yasun�ı soil invertebrate predator and prey
was extremely low (log10 body volume ratio of
�1.46). We found two potential explanations for
the large discrepancy between the cumulative
biovolume of predators and prey in this Amazo-
nian soil food web. (1) Ants may represent
between one-third and half of the insect biomass
in Central Amazonian soil (Fittkau and Klinge
1973). In our survey, predatory ants represented
10.1% of species, 44.7% of the individuals, and
6.7% of the cumulative biovolume within the
total sample. Some voracious ant colonies, such
as those of army ants, are patchily distributed,
but have been described as episodic and chronic
agents of disturbance in the tropical litter that are
capable of reducing biomass of litter inverte-
brates by up to 25% (Kaspari et al. 2011). The
patchiness of ant distribution was not considered
in our survey; thus, our predator:prey body mass
ratio might be underestimated due to a sampling
effect. (2) Based on the conclusions of Brose et al.
(2006a), we suggest that preys that are much
smaller than predators may contain too little
energetic reward to be worth the energetic costs
of capture and consumption. Perhaps predators
in Yasun�ı are highly efficient at harvesting a large
number of small to large prey during periods of
activity.

Studies based on model simulations have sug-
gested that an increase in predator:prey body
mass ratios in complex model food webs corre-
sponds to an increase in food web stability (i.e.,
population persistence; Brose et al. 2006b). We
have shown, however, that this relationship is
not strong in the Yasun�ı forest floor ecosystem.
However, the complex invertebrate soil food web
in this ecosystem may exhibit specific structural
features that convey high dynamic stability, such
as (1) low variability in interaction strengths, (2)
efficient predators with a wide range of focal
prey species, and (3) species at a high trophic
level feeding on multiple prey species, and spe-
cies at an intermediate trophic level fed upon by
multiple predator species (Gross et al. 2009).
Overall, decomposition in this ecosystem appears
to be highly resistant to drastic changes in food
web structure such as size-biased biodiversity
loss—only three of our eight leaf-litter treatments
saw significant biomass loss in response to exper-
imental treatments.

Exclusion experiment
We found that the T1 mesh size filtered out

most of the biovolume, species, abundance, and
functional groups of soil fauna. Although most
of the litter transformers and omnivores groups
were able to pass through all remaining mesh
size treatments (T2–T5), it was noteworthy that
the resource consumption potential of the species
(measured as biovolume) found between T2 and
T5 complemented each other.
Body size is one of the primary determinants

of metabolism and, therefore, resource use
(Brown et al. 2004). Larger individuals need and
consume more resources, and the relationship
between size and abundance (biovolume accessi-
bility to resources in our set of experiments) may
also reveal how resources are partitioned in eco-
logical systems (Grime 1998, White et al. 2007,
B�ıl�a et al. 2014).
Our experiment highlighted how resources are

exploited following non-random, gradual extinc-
tion of larger soil detritivores in a natural sce-
nario. Results suggest that the different body size
classes in a detritivore community (averaged
across the pooled dataset) played a redundant
rather than complementary role in fragmenting
leaf litter for five of the eight plant species treat-
ments (Andr�en et al. 1995, cf. Nielsen et al.
2011).
Our pooled dataset also fitted to a linear regres-

sion (P = 0.058, with a slope of 0.19; results not
shown). The potential presence of larger detriti-
vore fauna did not drastically and significantly
increase OMmass loss for most of our treatments
(also revealed by the weighted-arithmetic means
comparisons), contradicting our fourth hypothe-
sis that leaf litter exposed to a smaller food web
community would decompose at significantly
lower rates than that exposed to larger soil fauna.
We interpret our results in three ways:
First, it could be that detritivore species size

classes contributed similarly to the performance of
the decomposition process in the leaf-litter layer
of the Yasun�ı forest floor (Naeem et al. 2009),
which may be in conflict with the mass ratio
hypothesis. However, this pattern was not com-
mon for all plant species used in this experiment.
Of the eight plant species, three presented signifi-
cant differences between the extremes of mesh
size treatments:M. “purpono” M. malacocalyx and
L. glycycarpa. Based on outlier mass loss values
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(results not shown), we suggest that large-sized
detritivore individuals, which are often rarer than
small ones but can break down more dead OM,
may be patchily distributed on the forest floor
(Jim�enez et al. 2001, Milton and Kaspari 2007).
These large individuals might be exploiting
resources sporadically, although our experimental
design does not allow us to demonstrate this.

Second, because litter transformers and omni-
vores were represented across the size class contin-
uum, there were some that could enter into all the
mesh treatments. Of these, the tiny Collembola
were particularly abundant and may have had a
significant impact on leaf-litter decomposition
rates in all mesh treatments (Seastedt 1984, Cragg
and Bardgett 2001), especially in the absence of lar-
ger predators and potential competitors as in T1
(see Discussion below). According to the mass ratio
hypothesis, it has been suggested that the domi-
nant species—or those with the most frequent trait
values in a community—would be the main dri-
vers of litter decomposition (B�ıl�a et al. 2014). This
contradicts our fifth hypothesis—that there is a
positive relationship between decomposition rates
and detritivore diversity—because our results
show that the smaller species that remained
seemed to compensate for the loss of the larger
ones in terms of leaf-litter transformation. Yang
et al. (2012) showed that previous mechanical lit-
ter fragmentation by larger detritivores did
enhance the contribution of smaller detritivore
fauna (e.g., Collembola) in the decomposition pro-
cess in a seasonal tropical ecosystem study. Our
experimental approach was not able to demon-
strate this kind of interspecific interaction, and our
results suggest no facilitation between detritivore
size classes. The redundancy found in leaf-litter
processing in the study area may likewise be
explained by the fact that leaf-litter diversity found
in the study area was shown to be evenly hetero-
geneous in a distance scale of >600 m (Sørensen’s
similarity index mean � SD: 0.298 � 0.19;
Fig. 12). This means that the Yasun�ı forest floor is
carpeted with a mosaic of diverse litter qualities,
which would explain why soil fauna functionality
is also significantly homogeneous at a distance
scale. Because soil fauna are also taxonomically
heterogeneous, this might suggest that the level of
detritivore specialization may not be as low as pre-
viously thought (Mu~noz-Upegui 2016, cf. Giller
1996). Lavelle et al. (2016) conclude that soil

heterogeneity properties may favor species coexis-
tence and functional redundancy.
Third, PCA of 22 quality traits showed us that

the nutrient contents that better explain the
differences between species are those that are not
usually significantly related to leaf-litter decom-
position (Swift et al. 1979). This may suggest, in
broad terms, that leaf litter is largely homogenous
in those nutrients that have shown a larger effect
on decomposition (e.g., positively such as Mn:Cu
ratio, or negatively such as condensed tannins;
Coq et al. 2010, C�ardenas et al. 2015, Keiluweit
et al. 2015). This may suggest in part that soil
detritivores in these forests are conditioned, and
hence adapted, to exploit resources with a kind of
“uniform” critical nutrient content. Interestingly,
our GLM analysis showed how these kinds of
critical traits such as condensed tannins, Mn:Cu
ratio, and lignin:N ratio become significant when
including the interaction with mesh size treat-
ments. This suggests that for condensed tannins
and Mn:Cu, larger detritivores are directly
affected by the relative content of these traits (pos-
itive and negative relationships, respectively).
Surprisingly, the lignin:N ratio, which systemati-
cally appears in the literature as negatively corre-
lated with decomposition (Melillo et al. 1982,

Fig. 12. Plot showing the effect of the geographical
distance on the similarity of leaf-litter composition col-
lected in traps, among 28 common plant species of the
YFDP (data from C�ardenas et al. 2014). A value of 1 on
the y-axis means full similarity.
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Chapin et al. 2002, Talbot and Treseder 2012,
C�ardenas et al. 2015), shows to be positively and
significantly related to decomposition, suggesting
in this particular case, that the smaller groups of
detritivores and very probable, decomposers such
as fungi and bacteria, are those that are directly
and largely affected by higher proportions of lig-
nin content face to N.

Rank–abundance plots are commonly used
based on the assumption that loss of some species
will have a greater impact on ecosystem that
would others, especially those that make up a
dominant part of the total community biomass.
These species typically provide the major energy
flow and the three-dimensional structure that sup-
ports and shelters other organisms (Power et al.
1996, Grime 1998, B�ıl�a et al. 2014). Experimental
tests of this assumption have produced mixed
results. In a plant productivity experiment, Smith
and Knapp (2003) found that reduced abundance
of dominant species had direct negative effects on
total aboveground net primary productivity. But
because an increase in production of the dominant
species is able to offset the negative effects of spe-
cies loss, they concluded that dominant species
can provide short-term resistance to reductions in
ecosystem functioning in a non-random species
loss scenario. In contrast, Lyons and Schwartz
(2001) found an increase in the plant community’s
susceptibility to an exotic plant invasion when the
least common species was excluded from a moun-
tain meadow. Their results highlight the potential
role of less common species in maintaining
ecosystem functioning: in this case, protection
against exotic invasive species.

In our study, the loss of the species with the
highest biovolume (larger detritivore species) did
not have a significant negative effect on the leaf-
litter decomposition process. This agrees with
Smith and Knapp (2003) in the sense that, in the
short term, smaller-dominant species (in terms of
abundance, e.g., Collembola) appear to offset the
species loss of the larger and rarer species (e.g.,
giant cockroaches or millipedes). Likewise, Bard-
gett (2002) noted that most available evidence
suggests no predictability in the relationship
between diversity and function in soils, and that
ecosystem properties are governed more by indi-
vidual traits of dominant species and by the
extraordinary complexity of biotic interactions
that occur between components of soil food webs.

Future studies could measure the role of larger
and smaller litter transformers in separate “natu-
ral” micro- or mesocosms to quantify the OM
fragmentation impact separately and over the
long term (e.g., Bradford et al. 2002). We also sug-
gest that it will be important to follow the decom-
position process over several time intervals to
determine whether detritivory is actually more
important in the first days of exposure to litter
transformers, as has been shown in previous stud-
ies (see Irmler 2000, C�ardenas and Dangles 2012).
We conclude that extinction of larger inverte-

brates could represent a challenge for the decom-
position process of particular leaf-litter resources
in Yasun�ı (in terms of chemical quality). However,
nutrient cycling seems to be mostly guaranteed by
the smaller detritivore fauna and most likely by
the significant action of microflora (fungi and bac-
teria) that we did not test here. This is more signif-
icant if we consider that larger species loss could
generate an increase in the diversity and abun-
dance of the smaller species, as shown by Kunte
(2008) after removal of the two dominant butterfly
species in a tropical rain forest. However, our
results might not mean that larger invertebrates
have no essential role in the healthy function of
this tropical ecosystem. They are consistent with
the idea that changes in community composition,
rather than richness, are most important for car-
bon dynamics (Nielsen et al. 2011). For example,
loss of a few medium and large detritivore species
may have a significant impact on specialized
degradation processes, such as the decomposition
of particular carbon sources such as lignin and cel-
lulose (Cox et al. 2001, Hanson et al. 2008) or
specific litter qualities such as those found in M.
“purpono,” M. malacocalyx, and L. glycycarpa. The
role of detritivores in forests goes far beyond their
feeding habits, as they also serve as prey, and
many aerate the soil or act as pollinators (Triple-
horn and Jonson 2005). The food web changes
with each successive extinction, making it difficult
to predict the impact of potential detritivore
extinction on ecosystem functioning and which
remaining species will be able to compensate (Ives
and Cardinale 2004). A more extensive experiment
using more plant species that represents a wider
spectrum of the mosaic of forest litter quality and
integrates the concept of complementary use of
resources (Vos et al. 2013) may reveal a more real-
istic pattern of leaf-litter decomposition as a
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function of a gradual loss of body size biodiversity
of soil detritivores in Yasun�ı.

Interspecific interactions in the soil food web
affecting leaf-litter decomposition?

Non-significant differences in leaf-litter
decomposition between mesh size treatments for
five of the eight plant species in this experiment
have generated several new questions.

1. Would there be an interference competition
between small-, medium-, and large-sized
detritivores for leaf litter from these plant
species?
Bradford et al. (2002) found that meso- and
macrofauna inhibited decomposition by
microfauna, fungi, and bacteria by 11.5%
through indirect effects. Nonetheless, the
presence of larger invertebrates increased the
rate of decomposition overall. These results
may suggest that in the short term, larger
invertebrates alone would functionally
(over)compensate in the absence of the smal-
ler ones—something that we cannot show
with our study because we used different
methodological approaches. Heemsbergen
et al. (2004) did not find a significant net
diversity effect of species (the sum of the per-
capita effects of its component species) on the
leaf-litter mass loss, potentially due to a wide
range of negative (interspecific competition),
neutral, and positive (facilitation) interactions
among species. Although the role of competi-
tion in soil biotic communities is thought to
be relatively weak (Set€al€a et al. 2005, Wardle
2006, Lavelle et al. 2016), increased species
richness is also likely to increase interspecific
competition, and in some cases, this may out-
weigh any positive effects of complementar-
ity and/or the inclusion of highly influential
species on carbon dynamics (Nielsen et al.
2011). Our data may thus be showing the
total of all non-additive effects arising from
multi-species interactions including facilita-
tion and interspecific interference competi-
tion (Basset and Rossi 1990, Heemsbergen
et al. 2004, Fox 2005, Ball et al. 2008, McKie
et al. 2008). This would partly explain the
neutral effect of our non-random species
loss design on decomposition of most of the
studied leaf-litter types.

2. To what extent are litter transformer and
omnivore size assemblages functionally
redundant, given that functional identity
and divergence of species, rather than spe-
cies diversity per se, promote ecosystem
multifunctionality (Mouillot et al. 2011)?
At the soil food web level, different size
classes of detritivores may consume resour-
ces in different ways (scraping, piercing, tear-
ing) and amounts, and therefore, they may
have had unexpected effects on litter frag-
mentation (Heemsbergen et al. 2004, Vilisics
et al. 2012). For example, there was no evi-
dence of ecosystem engineering, which usu-
ally occurs after fragmentation work of large
detritivores that facilitate the ingestion/colo-
nization of OM particles by smaller detriti-
vores (including microflora; Lavelle et al.
1997, Jonsson et al. 2002, Yang et al. 2012).
Future research should consider whether lar-
ger detritivores prefer fresh leaf litter of one
or more plant species (not pre-treated by
smaller detritivores, or already invaded by
fungi and bacteria), which would also partly
explain why there was so much variation in
OM mass loss of M. “purpono” or P. laevis in
T4 and T5 mesh treatments. This would
make sense if smaller detritivores were more
abundant than larger ones, and if early acces-
sibility to “fresh” resources were hazardous.

3. Does the predator:prey biovolume ratio
influence decomposition rates within each
of the five size-biased microcosms?
Breadth and foraging behavior of organisms
are determined by intrinsic predator–prey
characteristics and interactions (Jonsson et al.
2005, Loeuille and Loreau 2005)—or con-
sumer–resource relationships that shape food
web structure—that may drive ecosystem
processes such as nutrient cycling (H€atten-
schwiler and Gasser 2005). Predators that are
harvesting in the forest floor of Yasun�ı may
control detritivore activity in our coarser
mesh size treatments. This could explain
why, for most of the leaf-litter types, leaf-
litter mass loss was not significantly different
from finer mesh size treatments, which, con-
sistent with other studies, suggests top-down
control of decomposition (Milton and Kas-
pari 2007, Srivastava et al. 2009). By contrast,
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the “self-organized systems framework” sug-
gests that evolution may have favored coop-
eration (i.e., facilitation interactions) where
competition and predation may act as sec-
ondary regulators of soil functioning (Lavelle
et al. 2016). By which mechanisms inter- and
intraspecific interactions at all levels of orga-
nization are driving soil processes is still a
matter of study and debate.

CONCLUSION

The soil fauna in the forest floor of Yasun�ı is
heterogenous in terms of species composition for
all functional groups analyzed, but homogeneous
with respect to functionality at all spatial scales.
Heemsbergen et al. (2004) concluded that commu-
nities composed of functionally dissimilar species
should have stronger effects on decomposition
rates than communities consisting of functionally
similar species. Considering the efficiency of the
decomposition process in Amazonian ecosystems,
it is therefore very likely that there is actually a
very high level of functional dissimilarity at all
body size ranges (not identified in this study) that
ensure decomposition will proceed. Based on our
results and results of other studies, we suggest
OM decomposition may depend on all non-
additive effects that arise from multi-species

interactions, including facilitation, interspecific
interference competition, and top-down control
that predators exert over detritivores at all body
size ranges (Fig. 13).
However, it is important to note that short-

term changes in soil biodiversity—those imple-
mented in our study design—may not manifest
their effects on the stability of soil processes for a
long time after organisms are lost, suggesting
that delayed responses may be an important
legacy of changes in soil biodiversity (Bardgett
2002, Lavelle et al. 2016). Future studies in the
Amazon should consider monitoring the decom-
position process over a longer term (removal)
under conditions where biodiversity has been
fragmented and the complete soil food web has
been modified, such as in gradients of land use
(D�ıaz et al. 2003).
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